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Abstract—An extension of the simultaneously extracted metals/acid-volatile sulfide (SEM/AVS) procedure is presented that predicts
the acute and chronic sediment metals effects concentrations. A biotic ligand model (BLM) and a pore water–sediment partitioning
model are used to predict the sediment concentration that is in equilibrium with the biotic ligand effects concentration. This initial
application considers only partitioning to sediment particulate organic carbon. This procedure bypasses the need to compute the
details of the pore-water chemistry. Remarkably, the median lethal concentration on a sediment organic carbon (OC)–normalized
basis, , is essentially unchanged over a wide range of concentrations of pore-water hardness, salinity, dissolved organicSEM*x,OC

carbon, and any other complexing or competing ligands. Only the pore-water pH is important. Both acute and chronic exposures
in fresh- and saltwater sediments are compared to predictions for cadmium (Cd), copper (Cu), nickel (Ni), lead (Pb), and zinc (Zn)
based on the Daphnia magna BLM. The concentrations are similar for all the metals except cadmium. For pH 5 8, theSEM*x,OC

approximate values (mmol/gOC) are Cd- . 100, Cu- . 900, Ni- . 1,100, Zn- . 1,400, and Pb-SEM* SEM* SEM* SEM*x,OC x,OC x,OC x,OC

. 2,700. This similarity is the explanation for an empirically observed dose–response relationship between SEM and acuteSEM*x,OC

and chronic effects concentrations that had been observed previously. This initial application clearly demonstrates that BLMs can
be used to predict toxic sediment concentrations without modeling the pore-water chemistry.
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INTRODUCTION

The simultaneously extracted metals/acid-volatile sulfide
(SEM/AVS) method for evaluating the toxicity of the metals
cadmium (Cd), copper (Cu), nickel (Ni), lead (Pb), zinc (Zn)
[1,2], and silver (Ag) [3] has proven to be quite successful at
predicting the lack of toxicity in spiked and field-contaminated
sediments [4,5]. It is based on the fact that these metals form
insoluble metal sulfides by reacting with the iron sulfide (FeS)
in sediments. Acid-volatile sulfides and SEMs are the measures
used for reactive sulfide and reactive metal present in the sed-
iment. If AVS exceeds the sum of the SEMs present (SSEM
5 SEMCd 1 SEMCu 1 SEMNi 1 SEMPb 1 SEMZn), excess
sulfide exists in the sediment, and all the metals are present
as insoluble nontoxic metal sulfides.

However, because the SSEM/AVS method does not ex-
plicitly consider the other sediment phases that influence pore
water–sediment partitioning, it was never intended to be used
to predict the occurrence of toxicity. The proposed sediment
quality criteria for metals [6]—now referred to as equilibrium
partitioning (EqP)–derived sediment guidelines or equilibrium
partitioning sediment benchmarks ([7]; http://www.epa.gov/
nheerl/publications/files/metalsESBp022405.pdf)—were con-
structed as one-tailed guidelines. They can be used to predict
the lack of toxicity but not its presence. Thus, the problem of
predicting the onset of toxicity in metal-contaminated sedi-
ments remained to be solved. This is important for sediments
in which the AVS concentration is small or zero.

The purpose of this article is to introduce an extension of

* To whom correspondence may be addressed
(dditoro@ce.udel.edu).

the SEM/AVS procedure that allows the prediction of effects
in metal-contaminated sediments by accounting for partition-
ing to sediment particulate organic carbon as well as the effect
of AVS. The partitioning is modeled using the Windemere
Humic Aqueous Model (WHAM) [8], and toxicity is modeled
using the biotic ligand model (BLM) [9]. In this article, the
partitioning model is restricted to only sediment organic car-
bon because it is an important phase for metal sorption. And,
unlike other phases that may be important (e.g., iron oxyhy-
droxide), its concentration is routinely measured. The Daphnia
magna BLM is employed because it is available and because
D. magna is among the most sensitive organisms to metals.

This article presents the methodology in detail, examines
the behavior of the models, including some completely un-
expected results, and compares the predictions to available
toxicity data. It demonstrates that a sediment BLM model is
feasible without needing to model detailed pore-water chem-
istry. It compares the predictions that are made without cali-
bration to the sediment toxicity data. The data are within the
range of the model prediction uncertainty that is primarily a
consequence of the unknown pore-water pH levels of the tests.

THEORY

The EqP model [10] gives the prescription for the devel-
opment of causal sediment concentrations that predict both the
toxicity and lack of toxicity in sediments. If the LC50 con-
centration —the concentration that causes 50% mortality—C*W
for a specific chemical and test organism is known, then for
a sediment exposure using the same test organism and the
same test duration, the LC50 is predicted to occur at a pore-
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water concentration that is equal to the water-only LC50C*PW

concentration

C* 5 C*PW W (1)

The superscript (*) is used to denote the effect concentration
(e.g., the LC50 concentration) in any phase. The sediment
LC50 concentration is predicted to be that concentrationC*S
that is in equilibrium—hence, EqP—with the pore-water con-
centration. Therefore, the application of the EqP model re-
quires a prediction of the sediment concentration that wouldC*S
be in equilibrium with the water-only LC50 at equilibriumC*W

C* ↔ C*S W (2)

If a linear partitioning model is appropriate for a class of chem-
icals—for example, neutral hydrophobic organic chemicals—
the sediment concentration Cs can be predicted from the water
concentration CW using a linear partition coefficient KP

C 5 K Cs P W (3)

then the sediment LC50 is predicted to be

C* 5 K C*S P W (4)

where is the sediment LC50 concentration (mmol/kg dryC*S
wt), KP (L/kg) is the partition coefficient between pore water
and sediment solids, and (mmol/L) is the water-only LC50.C*W
For the derivation of a sediment quality criteria or guideline,
the water-only effects concentration would be replaced by a
water quality criteria concentration; for example, the U.S. En-
vironmental Protection Agency Final Chronic Value FCV [10]

C* 5 K FCVS P (5)

A review of the predictive capability of the EqP model is
available [11].

For application to metals (Cd, Cu, Ni, Pb, and Zn) that react
with AVS to form insoluble metal sulfides, Equation 4 is no
longer appropriate since the sediment concentration includes
the concentration of metal sulfides as well as the concentration
of metal that may be partitioned to other sediment solid phases.
For the case in which the metal concentration exceeds the AVS,
and if it is assumed that linear partitioning applies to the par-
titioned metal fraction, then Equation 4 becomes [1]

C* 5 AVS 1 K C*S P W (6)

where AVS is the sediment concentration of AVS (mmol/kg
dry wt). Equation 6 states that since AVS can bind the metal
as highly insoluble sulfides, the concentration of metal in a
sediment that will cause toxicity is at least as great as the AVS
that is present.

The sediment metal concentration that should be usedC*S
in Equation 6 is the SEM concentration, the metal concentra-
tion that is simultaneously extracted with the sulfide in the
AVS extraction [2]. There are two reasons this is important.
First, any metal that is bound so strongly that it is insoluble
in the 1N hydrochloric acid used in the AVS extraction [12]
is not likely to be bioavailable and, therefore, will not con-
tribute to toxicity. Second, the metal sulfides, such as CuS and
NiS, that are only partially soluble or that are not soluble in
1N HCl will not contribute to either the sulfide or the metal
measurement, and so will be judged as inert and not contrib-
uting to toxicity [2].

Of course, this argument is based on the supposition that
metals that are present as sulfides or that resist extraction in
1N HCl do not contribute to toxicity. Further, it is assumed

that there is no additional exposure due to transformations of
the metal in the gut of sediment-ingesting organisms, or via
exposure to contaminated food [13]. It is for this reason that
so much effort has been expended to demonstrate experimen-
tally that if AVS exceeds SEM, then no toxicity is observed
[2,4,5,11, and the references cited below]. Therefore, using
SEM in Equation 6 yields

SEM* 5 AVS 1 K C*P W (7)

The basis for the SEM/AVS method is the observation that if
the second term, KP , in Equation 7 is neglected, then theC*W
critical concentration is

SEM 5 AVS (8)

and the boundary between toxicity and lack of toxicity is

SEM/AVS 5 1 (9)

or, equivalently

SEM 2 AVS 5 0 (10)

The failure of either the ratio condition SEM/AVS . 1 (Eqn.
9) or the difference condition SEM 2 AVS . 0 (Eqn. 10) to
predict the occurrence of toxicity is due to the neglect of the
partitioning term KP in Equation 7. Note that ignoring theC*W
term does not affect the prediction of lack of toxicity, because
if AVS is in excess of SEM, the metal activity in the pore
water is very small even for the most soluble (i.e., NiS) sulfide
[2].

Partitioning and organic carbon–normalized excess SEM

The key to predicting toxicity is to include the partitioning
term, KP , in Equation 6, rather than ignoring it. In a com-C*W
plete sediment BLM, the partitioning to all sediment phases
(e.g., organic matter, iron, and manganese oxides, and other
mineral components to which metal is partitioned [14]) would
be considered. For this initial application, only sediment or-
ganic matter will be included. This choice is made for a number
of reasons. First, it is well known that organic carbon is an
important metal-partitioning phase for soils [15–18] and in
surface-water particulate matter [19,20]. For many soils it is
the dominant sorption phase [17,18]. Second, organic carbon
is routinely measured in sediments [21]. Unfortunately, mea-
surements of the quantities of the other sorption phases in
toxicity tests are made either infrequently or not at all. Third,
focusing on only one sediment sorption phase greatly simpli-
fies the analysis of the modeling results and provides a great
deal of insight into how the chemistry and toxicity interact.

For partitioning to organic carbon only, the partition co-
efficient KP in Equation 7 is the product of the organic carbon–
based partition coefficient KOC (L/kg OC) and the fraction
organic carbon in the sediment fOC (kg OC/kg dry wt)

K 5 f KP OC OC (11)

This is the same formulation that is used for hydrophobic
organic chemicals [10,22]. Using this expression in Equation
7 yields

SEM* 2 AVS 5 f K C*OC OC W (12)

where SEM* 2 AVS is the excess SEM. The organic carbon–
normalized SEM* is

SEM* 2 AVS
SEM* 5 5 K C* (13)x,OC OC WfOC

If both the KOC and were known, then Equation 13 couldC*W
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Table 1. Sediment toxicity data

Organism tested Metals Reference

Acute exposure
Marine amphipod
Marine amphipod
Marine amphipod
Marine amphipod
Marine amphipod

Ampelisca abdita
Gammarus locusta
Chaetocorophium cf. lucasi
Leptocheirus plumulosus
Ampelisca abdita

Cd, Cu, Ni, Pb, Zn
Cu
Cd
Zn
Cd

[4]
[64]
[63]
[66]
[77]

Marine polychaete
Marine polychaete
Freshwater oligochaete
Freshwater snail

Capitella capitata
Neanthes arenaceodentata
Lumbriculus variegatus
Helisoma sp.

Cu, Pb, Zn
Cd, Ni
Cd
Cd

[67]
[68]
[69]
[69]

Chronic exposure
Marine amphipod
Marine
Freshwater
Freshwater nematodea

Leptocheirus plumulosus
Colonization
Colonization
Caenorhabditis elegans

Cd
Cd
Cd
Cd

[71]
[74]
[73]
[70]

Freshwater midge
Marine
Freshwater

Chironomus tentans
Colonization
Colonization

Zn
Zn
Zn

[72]
[75]
[76]

a Seventy-two–hour exposure, growth endpoint.

be used to predict toxicity. If SEMx,OC . 5 KOC ,SEM* C*x,OC W

then the LC50 for that sediment would be exceeded (Eqns. 4
and 12), and the sediment would be predicted to be toxic. An
examination of this method of predicting sediment toxicity is
presented below using the data sets described in the next sec-
tion.

DATA SOURCES

The only way to be absolutely sure what is causing toxicity
in a sediment is to add the chemical and compare the results
to the unamended (control) sediment. This is, of course, the
normal procedure in the scientific method. To be sure, there
are artifacts with spiked sediment toxicity tests that have been
examined and, one hopes, minimized [23]. The most con-
vincing tests are long-term exposures in the field using spiked
sediments.

An extensive literature search was made for articles that
satisfied the following criteria: A single metal spiked into sed-
iments; measured SEM, AVS, and fOC; and a measured end-
point, either mortality, growth, or, for colonization experi-
ments, number of species present. Only studies for which the
above information was reported or otherwise available were
used. Studies with excessive control mortality were not in-
cluded. The data sets are listed in Table 1. Both acute and
chronic exposures in laboratory and field experiments em-
ploying single metal additions are considered in this article.

Experiments for which metal bioaccumulation was the end-
point were also not included. It has been known for some time
that in certain cases the SEM/AVS model does not predict the
presence or extent of metal uptake by sediment-dwelling or-
ganisms [24,25]. Ingestion has been indicated as the route of
uptake [26]. If sediment processing in the gut changes the
chemical form of the metal, then EqP no longer applies. If
these processes contribute significantly to mortality, growth,
or the number of species present in colonization experiments,
then the EqP model should not be able to predict the effect
of metal exposure. As shown below, this does not seem to be
the case. For all cases examined—in particular the spiked sed-
iment field exposure tests—the lack of toxicity is predicted
correctly ([11] and Fig. 1 below).

GRAPHICAL ANALYSIS

The quantities needed to compute organic carbon–normal-
ized SEM (Eqn. 9) are all available for the data sets listed in
Table 1. It is interesting to examine the relationship between
SEMx,OC concentration and the observed effects for the acute
and chronic data sets. All the acute data are presented in Figure
1A. The SEMx,OC is plotted using a positive and negative log
scale [27]. It appears that no acute toxicity occurs if SEMx,OC

, 100 mmol/gOC, regardless of metal identity. The chronic
data for Cd and Zn are presented in Figure 1B. For Zn and
Cd, the effect–no effect boundary also appears to be SEMx,OC

. 100 mmol/gOC. Note that this result also validates the pre-
diction of lack of toxicity if SEM , AVS, for both acute and
chronic tests.

This result—that the onset of chronic and acute toxicity
occurs at SEMx,OC . 100 mmol/gOC—had been noted previ-
ously [28] and forms the basis for the present guideline [7].
However, no explanation was available for the apparent in-
dependence of the effects boundary on metal identity other
than to note the result implied (Eqn. 13) that KOC . 100C*W
mmol/gOC is independent of metal identity. This indicates that
there is an inverse relationship between partition coefficients
to organic carbon KOC and the water-only LC50s, for theC*W
metals being considered.

However, without a method for calculating KOC and fromC*W
more fundamental parameters, this observation was purely em-
pirical—useful for estimating the lower boundary of sediment
toxicity, but without a more fundamental basis. Therefore, it
was not possible to determine the limitations of the method.
In addition, it was unclear what the result of varying sediment
chemical properties that affect both KOC and would be.C*W
With the development of the biotic ligand model, it is now
possible to calculate these parameters explicitly and to evaluate
the influence of pore-water chemistry, such as varying pH,
hardness, and salinity.

DESCRIPTION OF THE SEDIMENT BIOTIC
LIGAND MODEL

The sediment biotic ligand model (sBLM) is diagrammed
in Figure 2. The methodology uses the EqP model of sediment



Name /entc/24_1006        10/14/2005 12:00PM     Plate # 0-Composite pg 2413   # 4

Sediment biotic ligand model Environ. Toxicol. Chem. 24, 2005 2413

Fig. 1. Toxicity data (Table 1) versus organic carbon–normalized ex-
cess simultaneously extracted metals (SEM) concentration SEMx,OC,
plotted using a positive and negative log scale [27]. Tic marks at
SEMx,OC 5 0, 61, 62, 63, . . . , 610, . . . , 620, . . . , 6100, . . . (A)
Mortality for acute exposures. (B) Chronic toxicity: Chronic data
identified with either no effect or effect observed. Each chronic data
set is displaced slightly to aid visualization.

Fig. 2. Schematic diagram of the sediment biotic ligand model (sBLM)
for computing sediment metal toxicity. Equilibrium partitioning (EqP)
model for sediment toxicity [10] and the BLM for metal toxicity [9].
POC 5 particulate organic carbon; DOC 5 dissolved organic carbon;
HCO3

2 5 bicarbonate; OH2 5 hydroxide; Cl2 5 chloride; SO4
22 5

sulfate; DOC2 5 dissolved organic carbon; HS2 5 sulfide.

toxicity [10] to relate the toxic sediment metal concentration
to the toxic pore-water metal concentration (Eqn. 4). The BLM
[9] is used to compute the LC50 concentration in the aqueous
phase that results in a metal concentration at the site of action
(the biotic ligand) that produces 50% mortality. It accounts
for the varying bioavailability of dissolved metal due to metal
complexation with inorganic anions, such as chloride (Cl2),
bicarbonate (HCO3

2), and sulfide (HS2), and with dissolved
organic carbon (DOC), by relating toxicity to the free metal
ion activity. This is the free ion activity model of metal toxicity
(see Morel [29], Morel and Herring [30], and Campbell [31]
for reviews).

The BLM also accounts for the protective effects of the
hardness cations Ca21 and Mg21 and the effect of pH as a
competitive equilibrium at the biotic ligand following a model
originally proposed by Pagenkopf [32] (see Paquin et al. [33]
for a comprehensive review of the historical development of
the BLM).

The metal speciation model used for both the dissolved
ligands in the pore water and the sediment particulate organic
carbon is WHAM, by Tipping and coworkers [34–36]. The
model combines Humic Ion-Binding Model V with a simple
inorganic speciation code for aqueous solutions. It is fully
described, extensively calibrated, and the computer code is
available [8]. The calculations are performed using the
HydroQual implementation of the BLM, which is also publicly
available ([37]; http://www.hydroqual.com/blm/). For simplic-
ity, we refer to this version of WHAM as WHAM V, to dis-
tinguish it from the more recently developed WHAM VI [38].
The WHAM V rather than WHAM VI is used because the
BLM has been calibrated using WHAM V, and it would be
inconsistent to change the partitioning model and not the BLM
calibration parameters.

The application of the BLM to sediment pore water (Fig.
2, right) is the obvious path to follow. However, this would
require a complete characterization of the ligand concentra-
tions that are present in pore water. These data are normally
not available and are difficult to collect on a routine basis.
Fortunately, these data are not necessary. Instead of using the
computed pore-water metal LC50 activity {M21}*, which is
the metal ion concentration [M21]* modified by the ionic
strength correction, the metal concentration on the sediment
particulate organic carbon [M21 [ POC ]* is computed that is
in equilibrium with the pore-water free metal ion activity
{M21}* and the biotic ligand [M21 [ BL]* concentration (Fig.
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Fig. 3. Biotic ligand model calibration. Comparison of predicted and
observed median lethal concentrations (LC50s) for Daphnia magna
and Ceriodaphnia dubia (see Table 2 for test conditions). Line of
perfect agreement (solid), 6 factor of two (dashed). (A) Cu: , 5
[47]; m 5 [47]; V 5 [49]; v 5 [50]; . 5 [81]. (B) Zn: V 5 [83];
v 5 [85]; . 5 [51]; , 5 [51].

Fig. 4. Biotic ligand model calibration. Comparison of predicted and
observed median lethal concentrations (LC50s) for Daphnia magna
and Ceriodaphnia dubia (see Table 2 for test conditions). Line of
perfect agreement (solid), 6 factor of two (dashed). (A) Cd: v 5
[78]; V 5 [79]; . 5 [80]; , 5 [52]. (B) Ni: V 5 [82]; v 5 [83];
, 5 [79]; . 5 [84]. (C) Pb: V 5 [83]; v 5 [79].

2, left). The assumption is that the three phases are in equi-
librium

K KM-POC M–BL
21 21 21[M [ POC]* ←→ {M }* ←→ [M [ BL]* (14)

where KM-POC and KM–BL are the equilibrium constants. The
computed LC50 sediment metal concentration on particulate
organic carbon is assumed to be equivalent to the measured
organic carbon–normalized excess SEM concentration,

. This is the fundamental idea. The extent to whichSEM*x.OC

pore-water processes affect the resulting concentration is ad-
dressed next.

Effect of pore-water complexation

It would appear, at first glance, that the pore-water con-
centrations of ligands that complex metals in the pore water
(e.g., DOC, Cl2, HCO3

2, HS2) would be important since they
form metal ligand complexes (e.g., a metal-bicarbonate

[MHCO3
1] and metal-DOC [M [ DOC ]) that reduce the free

metal ion activity {M21}. This is, of course, true if the pore
water is considered in isolation. However, if the entire system
(sediment particulate organic carbon, pore water, and the biotic
ligand) is considered as a whole (Fig. 2), then a different
conclusion is reached.
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Table 2. Biotic ligand model (BLM) data; see Figures 3 and 4 for reference

Metal Organism Description
Critical BL

concn.a Symbol Reference

Cd
Cd
Cd
Cd

Ceriodaphnia dubia
C. dubia
C. dubia
Daphnia magna

Water effect ratio study
Reconstituted water
Reconstituted water
Lake water

7.53
7.53
7.53
7.53

v
V
.
,

[78]
[79]
[80]
[52]

Cu
Cu
Cu
Cu
Cu

D. magna
D. magna
D. magna
D. magna
D. pulex

Alrich humic acid
Field-collected DOC
Field-collected DOC
Chronic, field DOC
Field-collected DOC

0.500
0.500
0.500
0.069
0.030

,
m
V
v
.

[47]
[47]
[49]
[50]
[81]

Ni
Ni
Ni
Ni

D. magna
D. magna
C. dubia
C. dubia

Well water
Reconstituted water
Reconstituted water

21.9
21.9

0.21
1.92

V
v
,
.

[82]
[83]
[79]
[84]

Pb
Pb

D. magna
C. dubia

Well water
Reconstituted water

0.94
0.62

V
v

[83]
[79]

Zn
Zn
Zn

D. magna
D. magna
D. magna

Well water
Pond water
Field-collected samples

0.33
0.33
1.00

V
v
.

[83]
[85]
[51]

a [M [ BL] nmol/g wet weight. Values from the cited references.

Table 3. Biotic ligand model (BLM) parameters for Daphnia magnaa

Cd Cu Ni Pb Zn

Critical BL concn.b

Gill site densityb
7.53
8.0

0.069
30.0

21.9
1000.0

0.940
30.0

0.330
30.0

Equilibrium constantsc

LogKM2BL

LogKMOH-BL

LogKCa-BL

LogKMg-BL

LogKH-BL

LogKNa-BL

8.60

4.50
3.50
6.70
3.00

7.40
6.22
3.60
3.60
5.40
3.00

4.00

4.00

6.70
3.00

6.65

4.00
4.00
4.00
3.80

5.50

4.80
4.80
6.70

a Parameter values from references in Table 2.
b Concn. is measured in nmol/gm wet weight.
c KM-BL 5 [M [ BL]/{M}[BL].

This can be seen by considering a simplified model. The
mass balance equation for total metal in the three phases is

SM 5 V [M [ POC]T S

211 V ([M [ DOC] 1 [M [ L] 1 [M ])PW

1 V [M [ BL] (15)BL

where SMT is total mass (not concentration) of metal in the
sediment–pore water–organism system and VS, VPW, and VBL

are the volumes of the sediment, pore-water, and biotic ligand
phases, respectively. Metal is either bound to sediment par-
ticulate organic carbon [M [ POC ], pore-water dissolved or-
ganic carbon, [M [ DOC ], other pore-water ligands [M [ L],
or as free cation [M21], and to the biotic ligand [M [ BL]. In
the usual situation, however, the amount of metal associated
with the biotic ligand VBL[M [ BL] and the pore-water VPW([M
[ DOC ] 1 [M [ L] 1 [M21]) are small relative to the mass
of metal in the sediment VS[M [ POC ]. As a consequence,
the mass balance Equation 15 becomes

SM . V [M [ POC ]T S (16)

and the concentration of metal SMT /VS 5 [M]T in the sediment
determines [M [ POC ] using Equation 16

[M [ POC ] 5 SM /VT S (17)

Knowing the concentration of metal on sediment particulate
organic carbon, the free metal ion concentration follows from
the usual equilibrium equation

[M [ POC]
5 K (18)M-POC21{M }[[POC]

or

[M [ POC]
21{M } 5 (19)

K [[POC]M-POC

where KM-POC is the equilibrium constant for the metal-POC
binding (Eqn. 14) and [[POC ] is the concentration of un-
bound POC sites. Therefore, the free metal activity in the pore
water is determined only by the concentrations in the sediment
particulate organic carbon SMT /VS 5 [M [ POC ] and unbound
POC sites [[POC ] (Eqns. 17 and 19). It is not influenced by
the concentrations of the complexing ligands in pore-water
[DOC ]T and [L]T. These influence the amount of complexed
metal in pore water [M [ POC ] and [M [ L] but not the free
metal activity.

This important result can be understood by considering the
case in which initially there are no complexing ligands in pore
water. The free metal activity is determined by Equation 19.
Now add a quantity of DOC to the pore water. The metal-
DOC complex [M [ DOC ] forms and lowers the free metal
activity {M21}. However, Equation 19 must be satisfied. This
can happen in two ways. Either [M [ POC ] decreases in
response to the lower {M21}, or metal from the sediment par-
ticulate organic carbon desorbs into the pore water and {M21}
increases. Which of these processes occurs depends on the
sizes of the sediment and pore-water phases. If the quantity
of DOC added is large relative to the sediment POC, then [M
[ POC ] decreases, since the mass balance Equation 15 must
be satisfied. In this case, pore-water metal activity decreases.
However, in the usual case the reverse is true. The added DOC
is small relative to sediment POC. Hence, only a small fraction
of the metal sorbed to POC desorbs to form the required quan-
tity of [M [ POC ] Therefore, the metal sorbed to sediment
POC [M [ POC ] is essentially unchanged, and {M21} is un-
changed as well. Hence, in the usual case in which Equation
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Table 4. Windemere Humic Aqueous Model (WHAM) V metal equilibrium constantsa (log10KM2L)b

Metal (M) Cd Cu Ni Pb Zn Ca Mg

Ligands (L)
OH12

(OH)22
2

(OH)32
3

SO22
4

Cl12

3.92
7.65

2.46
1.98

6.48
11.78

2.36
0.40

4.14
9.00

2.32
0.40

7.60
10.88
13.94

2.60
1.40

5.04
11.10

2.38
0.40

2.3 2.37

Cl22
2

CO22
3

HCO12
3

(CO3)42
2

2.60
3.50

10.95
6.75

14.62
9.92

2.41
13.41

2.00
6.40
9.90

4.76
13.12

3.22
11.44

2.98
11.4

Particulate organic carbon
Log10KMHA

c

A-sitesd

Range
B-sitese

Range

2.7
1.32

0.43, 2.21
7.05

5.34, 8.77

1.5
2.52

1.63, 3.41
7.75

6.04, 9.47

2.7
1.32

0.43, 2.21
7.15

5.44, 8.87

1.7
2.32

1.43, 3.21
7.65

5.94, 9.37

2.3
1.72

0.83, 2.61
7.25

5.54, 8.97

3.2
0.82

20.07, 1.71
6.35

4.64, 8.07

3.3
0.72

20.17, 1.61
6.35

4.64, 8.07

a Constants from the WHAM V database [8].
b KM2L 5 {M [ L}/{M}{L}.
c KMHA 5 {M [ A}{H1}/{H1 [ A}{M}.
d KM2A 5 [M [ A]/{M}[A].
e KM2B 5 [M [ B]/{M}[B].

16 is true, the pore-water concentrations of complexing ligands
do not affect the pore-water free metal activity {M21}.

Effect of pore-water competition

It is not true, however, that the concentrations of pore-water
competing cations have no effect. The other term in Equation
19 that determines {M21} is [[POC ], the concentration of
free POC sites. If pore-water cations also bind to POC, then
they can have an effect. This can be seen from the mass balance
for sediment POC binding sites

[POC ] 5 [[POC ] 1 [M [ POC ] 1 [C [ POC ]T (20)

where [POC ]T is the concentration of sediment POC binding
sites and [C [ POC ] is the concentration of competing ligand
C21 (e.g., Ca21) bound to the sediment POC. The equilibrium
equation is

[C [ POC]
5 K (21)C-POC21{C }[[POC]

or

[C [ POC]
[[POC] 5 (22)

21{C }KC-POC

where {C21} is the competing cation pore-water activity.
Hence, pore-water concentrations of competing cations (Ca21,
Mg21, Na21, and H1) will affect the pore-water free metal
activity by changing [[POC ], the concentration of free sed-
iment POC sites.

This is what would be expected—competitive effects from
competing cations. The remarkable result, shown below, is that
the only pore-water competing cation that significantly affects
the computed sediment organic carbon LC50, , is theSEM*x,OC

pore-water pH. The concentration of the other competing cat-
ions is much less important. The reasons for this unexpected
result are also discussed below.

WATER COLUMN BLM

The BLM that will be used in the computations below
differs from the simplified model presented above (Eqns. 19

and 22) in the representation of the sorption of the metal and
competing cations to organic carbon. Rather than one sorption
site [[POC ], the WHAM V model [36] is used that incor-
porates a distribution of both weak and strong monodentate
and bidentate sites at which protons, cations, and metal can
bind. Also, electrostatic effects and activity corrections are
explicitly taken into account. The end result is a set of con-
ditional equilibrium constants KM-POC and KC-POC that apply at
the pH, ionic strength, and other solution conditions for which
the computation is made. These could be used in the simplified
model equations above. However, since large variations in
solution composition will be evaluated, the more general mod-
el is required. For the computations discussed below, the BLM
that incorporates WHAM V [37] is used.

The BLMs in various stages of development are available
for all the metals being considered [39–43]. Most of the avail-
able sediment toxicity data are for amphipods, which are crus-
taceans. Biotic ligand models are available for either the cla-
docerans Daphnia magna or Cerodaphnia dubia, which are
also crustaceans. A comparative sensitivity investigation of
freshwater species using 48-h LC50s [44] demonstrates that
for metals, C. dubia is the most sensitive species, and am-
phipods are a factor of two less sensitive than D. magna.
Therefore, using the available BLMs for comparison to am-
phipod toxicity is not unreasonable for a feasibility calculation.

The relationship between freshwater and saltwater species
sensitivity has also been investigated [45]. The ratio of the
saltwater to freshwater HC5s are 1.08 (Cd), 2.07 (Pb), 4.31
(Cu), 9.03 (Ni), and 13.4 (Zn). These results indicate that
saltwater species are less sensitive to metals than are fresh-
water species. However, these results are not directly appli-
cable to evaluating the use of freshwater BLMs for predicting
saltwater toxicity, since the LC50s used to make the HC5
analyses are dissolved metal concentrations rather than metal
activities. Nevertheless, since the BLMs used to make the
predictions are not specific to the sediment organisms being
tested, the comparisons presented below should be viewed as
a feasibility investigation rather than a definitive test.

The state of calibration of the BLMs for various metals is
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Table 5. Solution composition

Ca
(mM)

Mg
(mM)

Na
(mM)

K
(mM)

SO4

(mM)
Cl

(mM)
SCO2

(mM)

Freshwater [86]
Seawater [86]

330
10,200

150
53,200

230
468,000

30
10,200

69
28,200

160
545,000

860
2,380

Hardness (mg/L)a (mM) (mM) (mM) (mM) (mM) (mM) (mM)

20
50

100
200
500

1,000

138
344
688

1,380
3,440
6,880

63
156
313
625

1,560
3,130

230
230
230
230
230
230

30
30
30
30
30
30

69
69
69
69
69
69

160
160
160
160
160
160

358
896

1,790
3,580
8,960

17,900

Salinity (g/L)b (mM) (mM) (mM) (mM) (mM) (mM) (mM)

0
2
5

10
20
30
35

0.33
0.89
1.74
3.15
5.97
8.79

10.20

0.15
3.18
7.73

15.3
30.5
45.6
53.2

0.23
27.0
67.1
134
268
401
468

0.03
0.61
1.48
2.94
5.84
8.75

10.2

0.07
1.68
4.09
8.11

16.1
24.2
28.2

0.16
31.3
78.0

156
311
467
545

0.86
0.95
1.08
1.29
1.73
2.16
2.38

a Hardness (g/L) 5 100.0([Ca] 1 [Mg]), Ca, Mg in mol/L. [Ca]/[Mg] 5 2.20, [SCO2]/[Ca] 5 2.61.
b For each cation/anion [C] 5 [C]Freshwater(1 2 Salinity/35.0) 1 [C]Seawater(Salinity/35.0).

Table 6. Excess simultaneously extracted metals (SEM) concentration SEM for varying pHa*x,OC

pH
Cd

(mmol/gOC)
Cu

(mmol/gOC)
Ni

(mmol/gOC)
Pb

(mmol/gOC)
Zn

(mmol/gOC)

6.0
6.5
7.0
7.5
8.0
8.5
9.0

20.2
21.1
40.7
66.2
97.1

132
162

80.6
187
450
684
905

1,089
1,210

537
525
642
830

1,057
1,301
1,523

834
1,065
1,530
1,972
2,716
3,421
3,857

265
357
787

1,075
1,368
1,659
1,927

a Hardness 5 50 mg/L.

examined in Figure 3, which presents a comparison of the
predicted and observed LC50s for Cu and Zn, and in Figure
4, there is a comparison for Cd, Ni, and Pb. The parameters
used in the model—the biotic ligand (BL) equilibrium binding
constants (e.g., KM–BL and KC-BL) and critical BL concentrations
[M [ BL]*—the sources of data, and the plotting symbols are
listed in Tables 2 through 4.

The biotic ligand binding constants KM–BL and KC-BL are not
specific to Daphnia or Ceriodaphnia. The calibration of the
original BLM for copper [9,39] was based on the supposition
that the equilibrium constants for biotic ligand binding KM–BL

and KC-BL were the same for all the organisms being considered.
The rationale is that the mechanism of toxicity, and therefore
the biotic ligand, is the same across the organisms. Only the
critical biotic ligand concentration [M [ BL]* was varied to
fit the observed LC50s for different organisms. For copper,
the critical data set comprised Erickson’s larval fathead min-
now experiments [46]. These constants were then used to fit
the Daphnia data that were available at the time. Subsequently,
a direct analysis of D. magna toxicity data demonstrated that
the D. magna and fathead minnow BLM binding constants are
remarkably similar [47], supporting the use of universal BLM
binding constants.

This strategy was adopted because extensive data sets with
systematic variations in water chemistry were not—and are
still not—available for many of the water column and benthic

organisms of interest. For the application of BLMs to criteria
development, this will almost certainly be the case for the
foreseeable future. Therefore, this procedure is continued. The
BLM’s binding constants are not specific to Daphnia or Cer-
iodaphnia but are rather the results of fitting the BLM to the
full data set that includes fish species. Only the critical biotic
ligand LC50 concentration, [M [ BL]*, is organism specific.

For copper (Fig. 3A), the original BLM calibration [9,39]
is employed with one modification. The biotic ligand binding
constant for Mg is assumed to be equal to the Ca binding
constant, consistent with more recent data [47–49]. These data
are included in Figure 3A as well. However, for very low DOC
concentrations and for pH , 7, the original BLM model pre-
dictions start to deviate from these observations. Since the
sediments being considered all contain significant quantities
of POC, and because sediment pore-water pH is usually above
pH 5 7 [27], the data in Figure 3A are restricted to pH $ 7.
In addition to acute data, in which the carbon sources are Alrich
humic acid and natural organic matter, a set of chronic data
are also included [50], which also are in reasonable agreement
with the original Cu BLM parameterization. Of course, the
biotic ligand binding constants could be adjusted to conform
to the new data [47–50]. However, for the reasons given above,
the original Cu BLM binding constants are used, and only the
critical BL concentrations are varied (Table 2).

For zinc, the BLM [43] is modified in the same way as the
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Fig. 5. Sediment median lethal concentrations (LC50s). Organic car-
bon–normalized excess simultaneously extracted metals (SEMx,OC)
concentration SEMx,OC 5 (SEM* 2 AVS)/fOC in equilibrium with the
critical biotic ligand concentration for Daphnia magna LC50s for the
listed metals. See Tables 3 and 4 for biotic ligand model parameters,
Table 5 for pore-water solution composition. (A) Effect of pH vari-
ation. (B) Effect of hardness variation. (C) Effect of salinity variation.
AVS 5 acid-volatile sulfide. Fig. 6. Comparison of pore-water and sediment median lethal con-

centrations (LC50s). Concentrations of total dissolved metal in pore-
water (left column) and sediment particulate organic carbon–normal-
ized particulate metal concentrations (right column) in equilibrium
with the critical biotic ligand concentration for Daphnia magna
LC50s. The conditions (A–C) are the same as in Figure 5. The ranges
correspond to the maximum and minimum concentrations and the
lines within the bars correspond to the individual cases in Figure 5.
SEM 5 simultaneously extracted metals.

Table 7. Excess simultaneously extracted metals (SEM) concentration SEM for varying hardness and*x,OC

alkalinitya

Hardness
(mg/L)

Cd
(mmol/gOC)

Cu
(mmol/gOC)

Ni
(mmol/gOC)

Pb
(mmol/gOC)

Zn
(mmol/gOC)

20
50

100
200
500

1,000

102
101
104
109
118
122

991
910
880
882
921
967

1,188
1,071
1,046
1,057
1,104
1,153

2,683
2,747
2,856
2,989
3,164
3,281

1,157
1,252
1,332
1,414
1,517
1,591

a pH 5 8.

Cu BLM. The biotic ligand binding constant for Mg is assumed
to be equal to the Ca binding constant. Figure 3B presents the
original calibration data as well as more recent data [51]. The
data for very low DOC concentrations are again excluded. The
critical biotic ligand concentrations are listed in Table 2.

For cadmium (Fig. 4A), an additional data set [52] is in-
cluded together with those used in the original calibration [42].
For the remaining metals, Ni (Fig. 4B) and Pb (Fig. 4C), the
data for Daphnia and Ceriodaphnia used in the original cal-
ibrations are presented [40,41].

In general, the BLM predictions are within a factor of two
of the observed LC50s, although there are some systematic
deviations. The small data set that is available for Pb makes
these predictions more uncertain.

SEDIMENT BLM

The sBLM is a straightforward extension of the water col-
umn BLM. Pore-water DOC is not considered, based on the
analysis presented above (Eqns. 15–19). Instead, sediment
POC is included. It is modeled as humic acid using WHAM
V, following the procedure employed by Tipping and col-
leagues for predicting metal sorption to soils [53–57]. WHAM
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Table 8. Excess simultaneously extracted metals (SEM) concentration SEM for varying salinitya*x,OC

Salinity
(g/L)

Cd
(mmol/gOC)

Cu
(mmol/gOC)

Ni
(mmol/gOC)

Pb
(mmol/gOC)

Zn
(mmol/gOC)

0
2
5

10
20
30
35

100
129
153
174
198
205
202

913
1,381
1,514
1,613
1,709
1,758
1,773

1,074
1,516
1,717
1,875
2,006
2,046
2,049

2,742
3,957
4,152
4,303
4,446
4,512
4,530

1,404
1,592
1,649
1,684
1,708
1,713
1,712

a pH 5 8.

Table 9. Excess simultaneously extracted metals (SEM) concentration SEM for seawater and varying*x,OC

pH

pH
Cd

(mmol/gOC)
Cu

(mmol/gOC)
Ni

(mmol/gOC)
Pb

(mmol/gOC)
Zn

(mmol/gOC)

6
6.5
7
7.5
8
8.5
9

31.2
53.1
93.1

145
200
254
302

181
377
625
916

1,242
1,536
1,763

769
1,044
1,353
1,697
2,048
2,326
2,507

2,187
2,813
3,579
4,072
4,530
5,137
5,836

513
799

1,095
1,398
1,712
2,022
2,333

V is also used by Lofts and Tipping in their Surface Chemistry
Assemblage Model for Particles model that has been applied
to sorption to suspended solids in the water column [58,59].
Since sediment POC is formed by water column POC settling
to the sediment, and a portion of water column POC is from
soil runoff, modeling sediment POC as humic acid seems to
be a reasonable assumption for a feasibility investigation.
However, clearly direct confirmation that sediment POC can,
in fact, be modeled as humic acid would be desirable.

The BLM is used to compute the LC50 for Daphnia in
pore water. The pore-water concentrations of competing cat-
ions and pH are specified, together with the appropriate con-
centrations of anions needed to maintain electroneutrality and
to contribute to the ionic strength. The concentration of metal
sorbed to sediment POC per unit POC is equated to the organic
carbon–normalized excess SEM

[M [ POC]
SEM* 5 (23)x,OC [POC]T

This is the sBLM prediction of the sediment LC50.
A series of representative cases (Table 5) are considered:

An average freshwater with varying hardness and SCO2, and
freshwater–seawater mixtures with varying salinity. These cas-
es do not necessarily represent actual sediment pore-water
compositions, but rather provide a range of conditions to ex-
amine the behavior of the model.

Figure 5A and Table 6 present the results for varying pH
values. The resulting LC50s ( ), with the exception ofSEM*x,OC

Cd, are in the same range (100–2,000 mmol/gOC) as concen-
trations of organic carbon–normalized excess SEM that are
associated with toxicity (Fig. 1). Although there are differences
between the metals—the Cd LC50s are approximately an order
of magnitude lower than the others—there is a remarkable
similarity for the other metals. It is also apparent that pH has
a direct impact on the computed sediment LC50s.

By contrast, varying the hardness and inorganic carbon by

keeping the ratio of inorganic carbon to calcium [SCO2]/[Ca]
constant (Table 5)—this covariation contributes to the empir-
ically observed effect of hardness on metal toxicity [60]—has
essentially no effect on the result (Fig. 5B and Table 7). Vary-
ing only calcium produces the same result. This result, a con-
sequence of the WHAM V and BLM calcium and magnesium
binding constants that are independently determined, is quite
unexpected.

The effect of salinity is examined in Figure 5C and Table
8. The composition is varied from freshwater to full-strength
seawater. The critical concentrations, , vary by ap-SEM*x,OC

proximately a factor of two, whereas most of the cations and
anions vary by almost three orders of magnitude. The reason
for this unexpected and important result—the independence of
the with respect to the concentration of the competingSEM*x,OC

hardness and salinity cations—is discussed in the next section.
The BLM model also computes the total dissolved metal

in the pore water that is in equilibrium with the sediment POC.
The variation in pore-water and sediment metal concentrations
corresponding to the results in Figure 5 are compared in Figure
6. For these illustrative calculations, a pore-water DOC 5 1
mg/L of humic acid value is assigned. For pH variations, the
concentrations in both phases vary by approximately the same
degree. However, for hardness/alkalinity and salinity varia-
tions, the pore-water concentrations vary by orders of mag-
nitude, whereas the sediment POC concentrations are within
a factor of two.

This result—that is approximately constant as theSEM*x,OC

concentrations of major cations and anions vary with hardness
or fraction of seawater—has important consequences for the
development of a sediment BLM. A straightforward applica-
tion of a BLM to sediment pore water, following the precepts
of EqP, requires a reasonably complete characterization of the
pore-water chemistry: The concentrations of the cations and
anions in Tables 3 and 4, DOC, and total dissolved metal.
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Fig. 7. Comparisons between observed mortality and excess organic
carbon–normalized simultaneously extracted metals (SEM), SEM*x,OC

5 (SEM* 2 AVS)/fOC plotted using a positive and negative log scale
[27] for marine amphipods in acute sediment toxicity tests. (A) Cad-
mium [4], v; [63], V; [65], .. (B) Copper [4], v; [64], V. The
vertical lines span the range of computed median lethal concentrations
(LC50s) for pH 5 6 to 9 (Table 9). AVS 5 acid-volatile sulfide.

Fig. 8. Comparisons between observed mortality and excess organic
carbon–normalized simultaneously extracted metal (SEM), SEM*x,OC

5 (SEM* 2 AVS)/fOC plotted using a positive and negative log scale
[27], for marine amphipods in acute sediment toxicity tests. (A) Nickel
[4], v. (B) Lead [4], v. (C) Zinc [4], v; [66], V. The vertical lines
span the range of computed median lethal concentrations for pH 5
6 to 9 (Table 9). AVS 5 acid-volatile sulfide.

However, if the BLM is applied to sediment POC, then only
the pore-water pH is required, in addition to the usual solid
phase measurements SEM, AVS, and fOC. The need to avoid
pore-water measurements was a major motivation for devel-
oping sediment quality criteria/guidelines/benchmarks
[10,61,62] in the first place, and the sediment BLM continues
in this tradition.

Effect of competing cations

The fact that is approximately constant as the con-SEM*x,OC

centrations of major cations and anions vary with hardness or
fraction seawater (Fig. 5B and C), but not with variations in
pH (Fig. 5A), is an important result that merits a careful anal-
ysis. As discussed above, the competing cations affect both
the metal binding to sediment POC (Eqn. 22) and to the biotic
ligand (Fig. 2, top). It would be expected, therefore, that in-
creasing the calcium concentration, for example, would de-
crease the quantity of metal binding to the biotic ligand [M
[ BL] and to sediment organic carbon [M [ POC ]. If the
strength of binding were the same in each phase, it would be
expected that the effect of the competing cation would ap-

proximately balance out. However, the reason for this inde-
pendence is not due to similar binding strengths, as was ini-
tially suspected. Rather, it is due to the saturation of the sites
on sediment organic carbon. An analysis is presented in the
Appendix.
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Fig. 9. Comparisons between observed mortality and excess organic
carbon–normalized simultaneously extracted metal (SEM), SEM*x,OC

5 (SEM* 2 AVS)/fOC plotted using a positive and negative log scale
[27], for the marine polychaete Capitella capitata. (A) Copper, v.
(B) Lead, v. (C) Zinc, v, [67]. The vertical lines span the range of
computed median lethal concentrations for pH 5 6 to 9 (Table 9).
AVS 5 acid-volatile sulfide.

Fig. 10. Comparisons between observed mortality and excess organic
carbon–normalized simultaneously extracted metal (SEM), SEM*x,OC

5 (SEM* 2 AVS)/fOC plotted using a positive and negative log scale
[27], for the marine polychaete Neanthes arenaceodentata. (A) Cad-
mium, v. (B) Nickel, v, [68]. (C) Cadmium for the freshwater snail
Helisoma, v. (D) Cadmium for the freshwater oligochaete Lumbri-
culus variegates, v, [69]. The vertical lines span the range of com-
puted median lethal concentrations for pH 5 6 to 9 (Tables 6 and 9).
AVS 5 acid-volatile sulfide.

SPIKED SEDIMENT TOXICITY TESTS

The analysis of the spiked sediment toxicity tests using the
sediment BLM is complicated by the following circumstances.
The endpoint used for the BLM is for the water column or-

ganism D. magna. The sediment experiments employed var-
ious benthic and epibenthic organisms (Table 1). Therefore,
the comparisons do not, strictly speaking, conform to the re-
quirements of the EqP model that predicts the sediment toxicity
based on water-only exposures to the same organism. Com-
paring the observed toxicity in sediment exposures to the BLM
computations assumes that the organisms being tested have a
sensitivity similar to that of Daphnia. Also, it is implicitly
assumed that the BL binding constants that are derived from
the responses of the organisms employed in the calibration are
applicable to the organisms tested in sediments.

For the marine organism tests, there is an additional dif-
ficulty. The BLMs are calibrated using freshwater organisms
exclusively. This is also the case for metal partitioning to DOC
using WHAM V. Therefore, the application to marine tests
requires that both the BLM binding constants and the parti-
tioning to sediment POC computed by WHAM V are appli-
cable to marine organisms and seawater chemistry, respec-
tively.

Finally, the pH of the pore waters for the sediment toxicity
experiments examined below is unknown and is not likely to
be constant. Adding substantial quantities of metal will lower
the pH due to metal hydrolysis. Therefore, it is difficult to be
specific about the actual pHs of the experiments. Measuring
the pore-water pH should be an important part of future sed-
iment toxicity tests.

Therefore, these comparisons are not definitive tests of the
sediment BLM model, but rather are more on the order of a
feasibility investigation. Can the model predict concentrations
in the right order of magnitude of those observed?
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Fig. 11. Chronic toxicity for single organisms. Comparisons between
observed no-effect/effects and excess organic carbon–normalized si-
multaneously extracted metal (SEM), SEM 5 (SEM* 2 AVS)/fOC*x,OC

plotted using a positive and negative log scale [27]. (A) Cadmium:
72-h growth test with the freshwater nematode Caenorhabditis ele-
gans [70], v—included as effect/no effect data. (B) Cadmium: 28-d
life cycle test with the marine amphipod Leptocheirus plumulosus
[71], v. (C) Zinc: 56-d test with the freshwater midge Chironomus
tentans [72], v. The vertical lines span the range of computed median
lethal concentrations for pH 5 6 to 9 (Tables 6 and 9). AVS 5 acid-
volatile sulfide.

Fig. 12. Chronic toxicity employing multiple organisms. Comparisons
between observed no-effect/effects and excess organic carbon–nor-
malized simultaneously extracted metal (SEM), SEM 5 (SEM* 2*x,OC

AVS)/fOC plotted using a positive and negative log scale [27]. (A)
Cadmium: 14-month lake colonization experiment in a low-acid vol-
atile sulfide (AVS 5 0.5 mmol/g) freshwater lake [73], v. (B) 117-
d laboratory marine chronic colonization experiment [74], v. (C) 349-
d freshwater lake field colonization experiment, V, [75], and a 9-
month multilocation lake and stream field colonization experiment,
v, [76]. The vertical lines span the range of computed median lethal
concentrations for pH 5 6 to 9 (Tables 6 and 9). AVS 5 acid-volatile
sulfide.
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Fig. 13. (A) Mean and range of metal-A site log KM–A and metal-B
site log KM–B equilibrium constants (Table 4) versus metal-biotic ligand
equilibrium constants log KM–BL (Table 3). For Mg and Ca, the average
log KM–BL is used. (B) Conditional log KM-POC versus pH for Ca, Zn,
and Cu for the solution conditions used in Figure 5A; hardness 5
1,000 mg/L (Table 5). POC 5 particulate organic carbon.

Fig. 14. Biotic ligand (BL) and particulate organic carbon (POC)
concentrations for Zn, Ca, Mg, and Na for the varying hardness (A),
salinity (B), and pH (C) cases presented in Figure 5. See Table 5 for
solution composition.

Acute toxicity

Figures 7 and 8 present the comparisons between observed
mortality and excess organic carbon–normalized SEM,
SEMx.OC, for marine amphipods in acute sediment toxicity tests
[4,63–66]. The SEMx,OC is plotted using a positive and negative
log scale [27]. The vertical lines span the range of computed
LC50s for pH 5 6 to 9 for full-strength seawater (Table 9).
The region of uncertainty in prediction between the two ver-
tical lines is due to the unknown pHs. No mortality is predicted
to the left of the band, and mortality is predicted to the right.

For Cd (Fig. 7A), one set of observations conforms to the
predictions (open symbols) and one set (filled symbols) ap-
pears to exhibit less toxicity. We have no explanation for this
difference. For Cu (Fig. 7B), the results are essentially con-
sistent with the predictions, with one exception. For Ni (Fig.
8A), the results are essentially consistent with the predictions.
For Pb (Fig. 8B), mortality is predicted at lower concentrations
than observed, although Pb has the highest predicted

. For Zn (Fig. 8C), the largest data set is at the pH 5SEM*x,OC

6 boundary, indicating that either the pore-water pH is in fact
low or that the predictions are inconsistent. The other data set
conforms to predictions, with one exception.

Figure 9 is a similar presentation for sediment tests using
the marine polychaete Capitella capitata [67]. The results for
Cu (Fig. 9A) are essentially consistent with predictions. How-
ever, for Pb and Zn, the observed toxicity is at lower concen-
trations than predicted. Either Capitella is more sensitive than
the predictions based on Daphnia, or the chemistry compu-
tations for seawater are inaccurate.

Figure 10 presents two sets of data. The marine polychaete
Neanthes arenaceodentata [68] is apparently much less sen-
sitive to Cd (Fig. 10A) and Ni (Fig. 10B). The freshwater
oligochaete Lumbriculus variegatus [69] is apparently of sim-
ilar sensitivity as Daphnia to Cd (Fig. 10D), whereas the snail
Helisoma [69] appears to be less sensitive (Fig. 10C).

Chronic toxicity and other endpoints

The comparisons to tests employing chronic exposures are
presented in Figures 11 and 12. Treatments are identified as
either having no observed effect (no effect) or an observed
effect (effect). Experiments that employed a single organism
are shown in Figure 11. The data for the three experiments
were as follows: A 72-h growth test for Cd with the freshwater
nematode Caenorhabditis elegans [70] (Fig. 11A)—included
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because the endpoint is not mortality; a 28-d life-cycle test for
Cd with the marine amphipod Leptocheirus plumulosus [71]
(Fig. 11B); and a 56-d test for Zn with the freshwater midge
Chironomus tentans [72] (Fig. 11C). The results are correctly
classified, with one exception (Fig. 11A).

Tests employing multiple organisms are presented in Figure
12. For Cd, two tests are included: A 14-month lake coloni-
zation experiment in a low-AVS (50.5 mmol/g) freshwater
lake [73] (Fig. 12A), and a 117-d laboratory marine chronic
colonization experiment [74] (Fig. 12B). For Zn, there are also
two tests, plotted on the same graph (Fig. 12C) since they are
both freshwater sediments: A 349-d freshwater lake field col-
onization experiment [75] and a nine-month multilocation lake
and stream field colonization experiment [76]. Essentially all
the tests conform to the predictions within the range of un-
certainty due to the unknown pH.

CONCLUSION

It appears that a sBLM can be successfully formulated that
avoids the complications of explicitly modeling the pore-water
chemistry. For the feasibility investigation presented above,
the sediment concentrations are computed by assuming an
equilibrium between the critical metal concentration on the
biotic ligand and sediment POC. This concentration is com-
pared to the sediment metal concentration in excess of AVS,
normalized to the organic carbon concentration of the sediment
(SEM* 2 AVS)/fOC. The computations presented above employ
metal BLMs calibrated to water column organisms and fresh-
water chemistry. They use the critical BLM concentrations for
Daphnia magna to compute the critical concentrations. The
only sediment-partitioning phase is sediment organic carbon,
modeled as humic acid.

In spite of these approximations, and without knowing the
pore-water pH, the computations are not inconsistent with ob-
servations in acute and chronic, freshwater and marine sedi-
ment tests employing sensitive organisms. It is remarkable that
this degree of agreement—within approximately one order of
magnitude—is possible using models independently calibrated
to freshwater organisms (D. magna or C. dubia BLMs) and
chemistry (WHAM V) that considers partitioning only to sed-
iment organic carbon modeled as humic acid. This indicates
that an sBLM can be successfully developed. It should use
critical BL concentrations appropriate to sediment organisms.
The partition model should consider the additional sediment
partitioning phases as necessary. It should be compared to
toxicity data that include measured pore-water pH and the
concentrations of the other partitioning phases, as appropriate.
However, it is clear that detailed pore-water chemistry is not
required.
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APPENDIX

The reason that competing cations do not affect SEM*x,OC

(simultaneously extracted metals) but pH does can be under-
stood as follows. The equilibrium constant KM–BL for metal bind-
ing to the biotic ligand (BL) is defined by the reaction

KM–BL
21[M ] 1 [[BL] ←→ [M [ BL] (24)

where [BL is the uncomplexed biotic ligand and [M [ BL]
is the biotic ligand–metal complex. The equilibrium constant
KM–BL, defined as

[M [ BL]
K 5 (25)M–BL 21{M }[[BL]

is an intrinsic constant that applies for any pH and competing
cation concentrations.

In the Windemere Humic Aqueous Model (WHAM) V, there
are two intrinsic constants that determine the relative binding
strength of the various metal cations: The equilibrium constants
KMHA and KMHB for the metal–proton exchange reactions

KMHA
21 1 1M 1 HA ←→ MA 1 H (26)

KMHB
21 1 1M 1 HB ←→ MB 1 H (27)

where HA and HB refer to the protonated A-sites and B-sites,
representing the organic matter carboxylic and phenolic sites,
respectively [36]. A direct comparison of the strength of bind-
ing can be made by determining the intrinsic metal–organic
matter binding constants

KM–A
21 2 1M 1 A ←→ MA (28)

KM–B
21 2 1M 1 B ←→ MB (29)

that are analogous to the intrinsic metal–biotic ligand equilib-
rium constants (Eqn. 24). This requires the proton binding
constants

KH-A
1 2H 1 A ←→ HA (30)

KH-B
1 2H 1 B ←→ HB (31)

The relationship is

log K 5 log K 1 log K (32)M–A MHA H-A

WHAM V treats the heterogeneity of proton and metal binding
sites by specifying a mean pKH-A, pKH-B and range DpKH-A,
DpKH-B for the A and B sites, where pKH-A 5 2log10KM–A, etc.
[36]. Since metal and proton binding are related via the metal–
proton exchange reactions (Eqns. 26–27) the metal binding
constants are also specified as means pKM–A, pKM–B and ranges
DpKM–A, DpKM–B for the A and B sites. The comparison to the
biotic ligand binding constants is shown in Figure 13A. The
symbol represents the mean and range of log KM–A and log
KM–B (Eqns. 28–29). Both the metal and proton (H) constants
are shown. For pH . pKH-A 1 DpKH-A . 5 all the A sites are
deprotonated and available for metal binding. As pH increases
from 6 to 9 the B sites deprotonate as well. Hence, at a specific
pH there is not one metal binding site with its equilibrium
constant but a whole range of binding sites with their indi-
vidual site densities and equilibrium constants—the y-axis in
Figure 13A. By comparison the biotic ligand has only one
binding site and equilibrium constant—the x-axis in Figure
13A. Therefore, the hardness and salinity cations do not have
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the same binding constant to both the biotic ligand and sed-
iment organic carbon. The latter vary with pH as the various
strength sites deprotonate.

The mechanism responsible for keeping [M [ POC]* and
therefore (Eqn. 23) constant as hardness and salinitySEM*x,OC

cations vary can be understood by examining the equilibrium
equations. The relationship between the critical biotic ligand
concentration [M [ BL]* and the critical pore water metal
activity {M21}* is (Eqn. 25)

21[M [ BL]* 5 K {M }*[[BL]M–BL (33)

This equation is true for all conditions since KM–BL is an in-
trinsic constant. The critical particulate organic carbon (POC)
concentration [M [ POC]* is (Eqn. 19)

21[M [ POC]* 5 K {M }*[[POC]M-POC (34)

However, because of the variation of equilibrium constants
with pH, KM-POC is a conditional equilibrium constant that ap-
plies only for a specific pH. This can be seen in Figure 13B
where KM-POC for Ca, Zn, and Cu for the solution conditions
in Figure 5A are displayed. Substituting Equation 34 for
{M21}* in Equation 33 yields

[M [ POC]
[M [ BL]* 5 K [[BL] (35)M–BL K [[POC]M[POC

or

[M [ POC]* K [[POC]M[POC5 (36)
[M [ BL]* K [[BL]M[BL

The equations for a competing cation are analogous to Equa-
tions 33 to 34

21[C [ BL] 5 K {C }[[BL] (37)C-BL

21[C [ POC] 5 K {C }[[POC] (38)C-POC

Using Equations 37 and 38 to solve for the free ligand con-
centrations yields

[C [ BL]
[[BL] 5 (39)

21K {C }C-BL

[C [ POC]
[[POC] 5 (40)

21K {C }C-POC

and substituting these relationships into Equation 36 yields

[M [ POC]* K K [C [ POC]C-BL M-POC5 (41)
[M [ BL]* K K [C [ BL]M–BL C-POC

Therefore, the ratio [M [ POC]*/[M [ BL]* is determined
by ratios of equilibrium constants and competing cation con-
centrations.

Consider, first, the cation concentrations. As an example,
Figure 14 presents the biotic ligand and POC concentrations
for Zn, Ca, Mg, and Na for the varying pH, hardness, and

salinity cases presented previously (Fig. 5). Since these are
concentrations at the critical biotic ligand concentration, the
[Zn [ BL] is constant in all cases, corresponding to the critical
concentration [M [ BL]*. The [Zn [ POC] concentration
varies only slightly as hardness (A) and salinity (B) vary. This
is the unexpected result that needs to be explained.

For the varying hardness (Fig. 14A) and pH (Fig. 14C)
cases, note that [Ca [ BL] and [Ca [ POC] are both the
highest concentration relative to the other competing cations
and that they are approximately constant as hardness varies
from 20 to 1,000 mg/L or as pH varies from 6 to 9. For the
varying salinity case (Fig. 14B), it is [Mg [ BL] and [Mg [
POC] that are the highest concentrations and approximately
constant for salinity .2 g/L.

The reason that the Ca or Mg concentrations are constant
is that both the biotic ligand and the POC are saturated with
Ca or Mg, even at the lowest Ca or Mg concentration corre-
sponding to 20 mg/L hardness or 2 g/L salinity, respectively.
For Zn the biotic ligand site density is 30 nmol/gm wet wt
and the POC deprotonated site density is 7.85 mmol/g OC at
pH 5 8. Increasing the pore water Ca or Mg concentrations,
does little to change the Ca or Mg bound to the biotic ligand
and to POC since all the available sites are already occupied.
This is the reason that the competing cation ratios [Ca [ POC]/
Ca [ BL] and [Mg [ POC]/[M [ BL] are constant.

The other terms in the right hand side of Equation 41 are
ratios of the equilibrium constants. The biotic ligand equilib-
rium constants KM–BL and KC-BL are intrinsic constants and do
not vary and so their ratio KC-BL/KM–BL is constant. However,
the POC equilibrium constants KM-POC and KC-POC are condi-
tional constants that are constant only at a constant pH. This
is due to the variation in available binding sites as pH varies
as discussed above (Fig. 13). They also vary slightly with
changes in competing cations but not significantly. Hence,
since KCa-BL/KZn-BL or KMg-BL/KZn-BL are constant at constant pH,
the ratio of zinc bound to POC and the biotic ligand [Zn [
POC]*/[Zn [ BL]* is also constant as hardness and salinity
vary. Therefore, 5 [Zn [ POC]* is constant forSEM*x,OC

constant pH.
Changing the pH changes [Zn [ POC]*/[Zn [ BL]* be-

cause the ratio of the conditional constants KM-POC /KC-POC

changes (Eqn. 41). The equilibrium constants for Ca (KCa-POC),
Zn (KZn-POC), and Cu (KCu-POC) versus pH are shown in Figure
13C for the solution conditions used in Figure 5A (Table 5).
Note that the Cu and Zn constants change significantly but Ca
less so. Hence, the ratios KZn-POC /KC-POC and KCu-POC /KC-POC for
C 5 Ca and Mg are changing and, therefore, so is [Zn [
POC]*/[Zn [ BL]* and [Cu [ POC]*/[Cu [ BL]*. Note also
that the change in Cu concentration is larger than the change
in Zn concentration (Fig. 5A) due to the greater variation in
KCu-POC relative to KZn-POC (Fig. 13C). This variation in the
conditional equilibrium constants is a consequence of the
WHAM V description of cation binding to POC as a series of
monodentate and bidentate sites with varying KM-A and KM-B.


